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Abstract Redox transitions induced by seasonal
changes in water column O2 concentration can have
important effects on solutes exchange across the
sediment–water interface in systems polluted with
acid mine drainage (AMD), thus influencing natural
attenuation and bioremediation processes. The effect
of such transitions was studied in a mesocosm
experiment with water and sediment cores from an
acidic reservoir (El Sancho, SW Spain). Rates of
aerobic organic matter mineralization and oxidation of
reduced inorganic compounds increased under oxic
conditions (OX). Anaerobic process, like Fe(III) and
sulfate reduction, also increased due to higher O2
availability and penetration depth in the sediment,
resulting in higher regeneration rates of their corre-
sponding anaerobic e- acceptors. The contribution of
the different processes to oxygen uptake changed
considerably over time. pH decreased due to the
precipitation of schwertmannite and the release of H?
from the sediment, favouring the dissolution of Al-
hydroxides and hydroxysulfates at the sediment sur-
face. The increase in dissolved Al was the main
contributor to water column acidity during OX.
Changes in organic matter degradation rates and co-
precipitation and dissolution of dissolved organic
carbon and nitrogen with redox-sensitive Fe(III)
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Área of Microbiology, Department of Biomedicine, Biotech-
nology and Public Health, University of Cadiz, Spain, Pol. Rı́o




compounds affected considerably C and N cycling at
the sediment–water interface during redox transitions.
The release of NO2
- and NO3
- during the hypoxic
period could be attributed to ammonium oxidation
coupled to ferric iron reduction (Feammox). Consid-
ering the multiple effects of redox transitions at the
sediment–water interface is critical for the successful
outcome of natural attenuation and bioremediation of
AMD impacted aquatic environments.
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Introduction
Acid mine drainage (AMD) is the result of the
oxidation of sulfide minerals exposed to the atmo-
sphere as a side effect of mining. This oxidation is
mediated by a combination of abiotic and microbial
reactions and produces waters with a very low pH and
high concentrations of SO4
2-, Fe, and other metals
and metalloids. AMD causes high environmental
impact, producing serious and long-persisting prob-
lems for ecosystem functioning and human health
(Geller et al. 2009). Enhancing natural neutralization
by favoring microbial and biogeochemical processes
that consume acidity and increase the pH is one of the
most promising approaches to treat AMD effluents and
restore affected ecosystems (Geller et al. 2009;
Koschorreck et al. 2007a). However, seasonal changes
in the O2 availability and pH affect the long term
success and reversibility of such bioremediation
approaches in acid lakes and reservoirs (Geller et al.
2009).
Oxygen availability affects microbial metabolism,
organic matter mineralization pathways and numerous
abiotic redox-dependent physicochemical and miner-
alogical processes (Froelich et al. 1978; Torres et al.
2014). Under oxic conditions, aerobic oxidation of
organic matter (Table 1; R1), abiotic and biological
oxidation of H2S and Fe(II) by O2 (Table 1; R5 and
R6), and the precipitation of Fe(III) oxyhydroxides
(Table 1; R12) contribute to lowering the pH
(Jourabchi et al. 2005; Soetaert et al. 2007). In
contrast, under anoxic conditions, organic matter is
mineralized anaerobically by bacteria utilizing an
array of electron acceptors (e.g. SO4
2-, Fe(III), NO3
-)
(Table 1; R2, R4 and R3) which consume H?, leading
to an increase in pH during stratification (Jourabchi
et al. 2005; Soetaert et al. 2007). Therefore, redox
transitions, through the changes in O2 availability and
pH, can potentially affect many different biogeo-
chemical processes in aquatic environments, which in
turn determine the fluxes between the sediment and
water column and the mobility of elements, nutrients
and contaminants within the sediment. Changes in
chemical speciation, bioavailability, toxicity and
mobility of many metal and non-metal elements
(Borch et al. 2010), bioavailability of limiting nutri-
ents like phosphate (Gunnars and Blomqvist 1997;
Hupfer and Lewandowski 2008), and the concentra-
tion, speciation and susceptibility to degradation of
dissolved organic matter (Sinninghe Damste and De
Leeuw 1990; Zonneveld et al. 2010; Arndt et al. 2013)
are a few examples of the impact of redox transitions
on key processes of aquatic ecosystems. Most likely
many other effects remain unknown or poorly studied.
In addition, redox oscillations also affect the microbial
community (Frindte et al. 2013, 2016).
The effect of hypolimnetic hypoxic and anoxic
conditions on degradation and preservation rates of
organic matter and the regeneration and release of
nutrients from lake sediments has received consider-
able attention (Maerki et al. 2009; Matzinger et al.
2010; Schwefel et al. 2017). However, the number of
studies dealing specifically with the effects of
reversible redox oscillations on the biogeochemistry
of lake sediments is scarce (Borch et al. 2010; Frindte
et al. 2013; Torres et al. 2014; Karimian et al. 2017).
More specifically, the effect of redox transitions on
spatiotemporal changes of key variables like O2 and
pH and their interaction with the biogeochemical
cycling of C, Fe, and S at the sediment—water
interface have rarely been investigated simultaneously
(Elberling and Damgaard 2001, Koschorreck et al.
2003, 2007a). This information is critical to under-
stand and model net fluxes of inorganic nutrients,
electron donors and acceptors, metal and non-metal
elements, and organic compounds between the sedi-
ment and the water column. We hypothesized that
redox transitions change the availability and micro-
scale distribution of relevant electron donor and
123
242 Biogeochemistry (2018) 139:241–260
acceptors at the sediment water interface, which
ultimately determine the rates and pathways of
processes that affect pH and acidity in acidic envi-
ronments such as organic matter mineralization and
the net exchange of iron and aluminium.
The aim of this study was to determine how the
hypoxic-oxic and oxic-hypoxic transitions affect the
microscale distribution within the sediment and bio-
geochemical fluxes across the sediment–water inter-
face of the most important electron donors and
acceptors, protons, acidity and organic and inorganic
nutrients in a model AMD contaminated environment.
These redox transitions were studied in a mesocosm
experiment with water and sediment cores from the
Sancho Reservoir (Iberian Pyrite Belt, SW Spain).
Relevant biogeochemical variables (O2, H2S, H
?,
inorganic N, Fe, Al, acidity, dissolved organic carbon
and nitrogen) were monitored at different spatiotem-
poral scales in the water column, pore water and
sediment solid phases. Based on this experiment,
Torres et al. (2014) constructed and calibrated a
diffusion–reaction model to calculate the net fluxes of
metals, taking into account the annual variation of oxic
and anoxic conditions of the bottom water, and to
predict overall water quality. Here, we focus on the
interaction between the cycles of several important
elements (organic carbon, nitrogen, oxygen, sulfur,
iron and aluminium) and their effect on the exchange
of H?, acidity and e- donors and acceptors across the
sediment–water interface. The detailed study of redox
transitions at the sediment–water interface is not only
of theoretical interest but also of a practical one, since
it advances our understanding of the biogeochemical
and microbial processes behind the immobilization
within the sediment or release to the water column of
elements affecting the natural neutralization. This is
important to increase our predictive capacity on the
potential long-term success of current bioremediation
ecotechnological treatments.
Materials and methods
Study site, cores and bottom water collection
The Sancho Reservoir (37270N, 6590O) is located on
the Odiel River catchment (Southwest Spain). The
reservoir (58 Hm3, 42.7 9 105 m2 and a maximum
depth of 40 m close to the dam), with a pH around 3.5,
is affected by the discharge of the Meca River. This
river is heavily contaminated by AMD, with high
concentrations of trace metals, iron and SO4
2-, and a
Table 1 Major primary and secondary redox and mineral precipitation-dissolution reactions considered in the Sancho Reservoir
sediment–water system
Reaction Reaction and stoichiometry
1. Aerobic respiration CH2O þ O2 ! HCO3 þ Hþ
2. Sulfate reduction 2CH2O þ SO24 ! H2S þ 2HCO3
3. Nitrate reduction CH2O þ NO3 þ 2Hþ ! CO2 þ 12 N2 þ 2H2O
4. Iron reduction 1
4
CH2O þ FeOOH sð Þ þ 74 H
þ ! Fe2þ þ 1
4
HCO3 þ 32 H2O
5. Sulfide oxidation by O2 H2S þ 2O2 ! SO24 þ 2Hþ
6. Iron oxidation by O2 Fe2þ þ 14 O2 þ H
þ ! Fe3þ þ 1
2
H2O
7. Sulfide oxidation by Fe3? 1
8
H2S þ FeOOH sð Þ þ 74 H
þ ! Fe2þ þ 1
8
SO24 þ 32 H2O
8. Metal sulfide precipitation (M = Fe2?, Cu2?, Zn2?,
Ni2? or Co2?)
M2þ þ H2S ! MSðsÞ þ 2Hþ
9. Pyrite formation FeSðsÞ þ H2S ! FeS2ðsÞ þ H2
10. Metal sulfide oxidation by O2 (M = Fe
2?, Cu2?, Zn2?,
Ni2? or Co2?)
MSx sð Þ þ 32 xO2 þ xH2O ! M
2 þ xSO24 þ 2xHþ
11. OM sulfidization OM þ H2S ! OM  H2S
12. Schwertmannite precipitation 8Fe3þ þ SO24 þ 14H2O ! Fe8O8ðOHÞ6SO4 þ 22Hþ
13. Hydrobasaluminite precipitation 4Al3þ þ SO24 þ 22  46H2O ! Al4ðSO4ÞðOHÞ1012  36H2O þ 10Hþ
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mean pH of 2.6 (Sarmiento et al. 2009; Cánovas et al.
2016). The Sancho Reservoir is a warm monomictic
body of water. During winter, the entire water column
is mixed and dissolved oxygen reaches the sediment.
During the rest of the year, the water column is
stratified and anoxic conditions develop below 15 m
(Torres et al. 2013, 2016).
Twelve sediment cores (5.8 cm internal diameter,
60 cm length) were collected using a gravity corer
(UWITEC) from a depth of about 30 m close to
reservoir dam during the stratification period (Novem-
ber 15th, 2010). The collected cores had around 30 cm
of sediment and 30 cm of overlying bottom water.
In situ temperature, O2, and pH, measured with a
multiparameter probe (Hydrolab MS5), showed char-
acteristic profiles of a late stratification phase (data not
shown). Anoxic bottom water was collected with a
Niskin bottle approximately 1.5 m above the sediment
surface from the same sampling site. Cores and bottom
water were protected from light and stored on ice
(4 C) until return to the laboratory on the same day
(within 5 h).
Experimental design
In the laboratory, all cores were introduced in a
temperature controlled (12–14 C) tank filled with
25 L of in situ bottom water. Cores were maintained in
the dark under hypoxic or oxic conditions as described
below. Hypoxic conditions (24 lmol O2 L
-1,\ 8%
saturation) were obtained by vigorous bubbling of the
tank water with N2. Although the initial objective was
Fig. 1 Temporal evolution of O2, Fe, SO4
2-, pH, acidity, Al,
dissolved organic carbon (DOC), dissolved organic nitrogen
(DON), NH4
? and NO3
- in the bulk water phase during the
experiment. Data are presented as mean ± standard error
(n = 3). Areas shaded in grey indicated initial and final hypoxic
conditions periods
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to obtain the same anoxic conditions as observed
in situ, we were unable to reduce the O2 concentration
to zero in a system open to the laboratory atmosphere.
Microsensor measurements also required an open
system to allow measurements across the sediment–
water interface as described below.
The experiment was divided in three different
stages: (1) initial hypoxic stage (HI), maintained with
a N2 flux during 1 day, (2) oxic stage (OX), where the
conditions of the water in the tank were switched to
oxic by bubbling air into the tank, and maintained
during 50 days, (3) final hypoxic stage (HF), which
lasted 10 days, induced by bubbling N2 in the tank. A
more detailed description and a sketch of the exper-
imental design can be found elsewhere (Torres et al.
2014).
Water column and sediment analyses
Oxygen (oxygen electrode Crison OXI 45 P), pH, and
temperature (pH electrode, Orion) of the bulk water
phase of the tank were monitored during the whole
experiment. Water from the tank was sampled on days
0, 1, 5, 10, 20, 30, 50, 51, 55 and 60. Water level was
constant during stages 1 and 2. A slight evaporation
was produced by the dry N2 bubbling during stage 3,
and the solute concentrations were corrected assuming
Mg conservative. Water samples were filtered through
0.2 lm nylon filters, acidified with 20% HNO3 (final
pH\ 2) and stored in darkness at -20 C until
analysis. Dissolved organic carbon (DOC) and dis-
solved total nitrogen (DTN) were measured on a TOC-
Analyser (Thermo Finnigan, FlashEA1112) with an
analytical error of 1.5 and 3%, respectively. Ammo-
nium (detection limit: 2.38 lM) was analyzed accord-
ing to Bower and Holm-Hansen (1980), and nitrate
(detection limit: 2.15 lM) and nitrite (detection limit:
0.24 lM) were analyzed according to Garcı́a-Robledo
et al. (2014). Dissolved organic nitrogen (DON) was
calculated as the difference between DTN and total




?). Posphate (detection limit: 2.38 lM) was
measured according to Grasshoff (1983) and total P
(detection limit: 0.2 mg L-1) by ICP-AES.
At the end of each stage, three cores were removed
from the tank and processed for geochemical analyses
of the sediment solid phase and pore water. Cores were
sliced in several layers, 1-cm slices for the first 8 cm,
and 2-cm slices down to 16 cm depth, inside a N2—
purged glove box. Total organic carbon (Corg) was
measured on a Thermo EA1108 elemental organic
analyzer using standard protocols. Total nitrogen and
total sulfur contents were measured on a CNHS
elemental analyzer (Thermo EA Flash 2000) using
standard protocols. The analytical error for Corg, N and
S was below 5%. Pore water was extracted from every
layer by centrifugation, filtered through 0.2 lm nylon
filters. S, Al, Fe, and other metals were analyzed by
inductively coupled plasma atomic emission spec-
trometry (ICP-AES) using a Thermo Jarrel-Ash
instrument equipped with a CID detector (analytical
error 6%). Fe in solution was always considered to be
in the form of ferrous iron (Fe2?) since the pH was
generally higher than 4 in the pore water and the water
column (Stumn and Morgan 1996). Sulfate was
calculated from total S assuming that other interme-
diate aqueous S species were of minor abundance
compared to SO4
2- in our experimental conditions
(Smith and Melville 2004; Torres et al. 2014).
Acidity was estimated from metal and H? concen-
trations, as usually considered in in AMD environ-
ments (Kirby and Cravotta 2005), according to
Eq. (1).
Acidity ¼ 3 cAl þ cFeðIIIÞ
 




where cx are molal concentrations of element x.
Microsensor measurements
Vertical distributions of O2, pH, and H2S were
determined at the sediment–water interface using
selective microelectrodes after 1 day under HI condi-
tions, and on days 1, 6, 10, 20, and 50 (OX stage), and
days 51, 56, and 60 (HF stage) in the same 3 cores
during the three stages of the experiment. On each
sampling occasion, one core at a time was removed
from the tank and maintained under a continuous flow-
through system with in situ bottom water at similar
physicochemical conditions (T, O2, pH) than those of
the tank for the duration of the measurements (* 1 h).
Microelectrodes (Unisense, Denmark) were used and
calibrated according to Unisense manuals (www.
unisense.com) and as described before (Corzo et al.
2005). Oxygen and H2S microelectrodes were
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connected to a picoammeter (PA2000, Unisense), pH
microelectrode to a high impedance mV-meter
(MeterLab), and both signals recorded directly to a
computer using an A/D converter (ACD-216,
Unisense). Profiles were automated using a motor-
ized micromanipulator connected to a computer and
operated by the software Sensor TracePro
(Unisense). In each core, three different vertical
profiles of O2 (detection limit: 0.3–1 lM), pH (reso-
lution 0.1 units) and H2S (detection limit: 0.3–1 lM)
were measured in random positions on every sampling
date. These repeated non-destructive measurements
over time in the same cores are possible due to the slim
diameter of the microsensors (25 lm at the tip).
Speciation of hydrogen sulfide in solution depends
on pH, salinity and temperature (Millero et al. 1988)
and since, microsensors can only measure H2S, the
amount of S2- total (S2tot = H2S ? HS
- ? S2-) was
calculated from parallel pH measurements in given
experimental conditions. For a pH\ 9, S2tot can be
calculated from Eq. (2):
S2tot
 
¼ H2S½  1 þ K1= Hþ½ ð Þ ð2Þ
where K1 is the first dissociation constant of H2S, and
[H2S] and [H
?] are the concentrations of H2S and
protons measured with the H2S and pH microsensors,
respectively. K1 can be calculated from pK1 according
to Eq. (3):
pK1 ¼ 98:08 þ 5765:4=T þ 15:04555
 Ln Tð Þ 0:127  S0;5 þ 0:0135  S ð3Þ
where T is temperature (Kelvin), Ln is Napierian
Logarithm and S is salinity (Millero et al. 1988). In our
experimental conditions with a salinity of 0.33 and a
temperature of 138C, pK1 of the first dissociation
reaction was 7.11. Given this pK1 and the range of pH
measured in the water column and the sediment, H2S
always accounted for almost 100% of S2tot . HS
- was
only scarcely relevant in the deepest layer of the
sediment where pH was higher than 6.
Biogeochemical modelling and acidity net
production calculations
Depth profiles of production/consumption and areal
integrated rates for O2, H2S, H
?, Fe and SO4
2- were
calculated by biogeochemical modelling based on
measured concentration profiles using the PROFILE
software (Berg et al. 1998). Free solution molecular
diffusion coefficients for O2, H2S, H
?, Fe2?, and
SO4
2- were calculated using the R package MAR-
ELAC (Soetaert et al. 2010). To ensure that the
calculus domain could be extended to the sediment
surface for Fe2? and SO4
2-, their concentrations at the
sediment surface were extrapolated by setting a
diffusive boundary layer thickness equal to that
obtained from microscale O2 profiles (i.e.
400–500 lm).
Net production rates of acidity within the sediment
can be assumed to nearly equal the fluxes from
sediment to water column since the downward
directed flux was minimal (about 5% of net produc-
tion). Net production rates of acidity were estimated






where Racidity is the areal integrated rate of net
production or consumption of acidity (meq m-2 h-1),
N is the total number of acidity components, ni is the
number of equivalents per mole of the ith species and
Ri is the areal integrated rate of production/consump-
tion of the ith species (lmol m
-2 h-1). Ri was
previously calculated by numerical modelling the
concentration profiles of each component (Berg et al.
1998). Previous studies on acid lakes used Eq. (4), but
iron transformation rates were the only source of
acidity (Peine et al. 2000). However, according to
Eq. (1) more chemical species should be considered to
explain acidity fluxes in the Sancho reservoir (i.e. Al,
Fe(II), Mn, Zn, Cu, Co, and pH). Thus, Eq. (4)
involves a multicomponent budget analogous to those
carried out for the estimation of alkalinity fluxes in
similar systems (Carignan 1985).
Statistical analysis
Data for the different variables are presented as
mean ± standard error. A three-way permutational
analysis of variance (PERMANOVA) using Euclidean
distances was applied to test for differences between
Corg, N, S, and C:N ratio (mol:mol) in the upper 2 cm
at the end of every stage (HI, OX and HF) with stage
and depth as fixed factors and core identity as a
random factor nested within stage. A post hoc pairwise
123
246 Biogeochemistry (2018) 139:241–260
comparison was performed where a factor was signif-
icant at a level of p\ 0.05.
Results
Oxygen
Mean O2 concentration in the mesocosm water column
was about 7% of saturation (24 lmol O2 L
-1) during
the initial hypoxic conditions (HI) (Fig. 1a). Oxygen
microprofiles at the sediment–water interface indi-
cated that O2 was consumed within the upper 1 mm
sediment layer (Fig. 2a). During the oxic stage (OX)
of the experiment, O2 concentration in the water
column rose to about 100% saturation
(307–327 lmol O2 L
-1). Oxygen penetration depth
(zox) in this period increased with time; from * 2 mm
the day after oxygenation to * 6 mm on day 50
(Fig. 2a). Oxygen profiles and zox similar to the initial
ones were measured at the final hypoxic stage (HF).
Biogeochemical modeling of O2 profiles allowed
detecting sediment layers with different net O2
consumption rate (Fig. 3a–c). In HI, maximum rates
of net O2 consumption occurred in a narrow upper
layer slightly below the sediment–water interface,
whereas at the end of OX, net O2 consumption was
maximum at the bottom of the oxic layer. The
integrated net O2 consumption rate, which represents
the diffusive flux of O2 to the sediment (Diffusive
oxygen uptake, DOU), experienced a steep increase
from HI (0.21 ± 0.07 mmol O2 m
-2 h-1) to OX
(2.20 ± 0.69 mmol O2 m
-2 h-1) remaining at simi-
lar levels during the first 10 days and decreasing to
values 4 times lower at the end of OX. During HF,
DOU returned to levels similar to HI (Fig. 4a).
Sulfide, sulfate, and total sulfur
Hydrogen sulfide was never detected in the water
column during the experiment. However, microsensor
measurement detected variable amounts of H2S within
the sediment, up to 50 lmol L-1, under both hypoxic
and oxic conditions (Fig. 2b). Vertical profiles of H2S
were variable, although they presented typically a
subsurface peak between 5 and 10 mm below the
sediment surface (Fig. 2b), indicating the presence of
a narrow production layer at this depth. Although, H2S
represented almost 100% of total sulphide (S2tot ), H2S
profiles were transformed to S2tot profiles to calculate
production and consumption rates. Produced S2tot was
quickly consumed in the upper sediment layer (about
500 lm thick) and more slowly toward deeper sedi-
ment layers (Fig. 3d–f).
Net S2tot production rates increased from 50 to
233 lmol m-2 h-1 after 50 days in OX, decreasing
immediately in HF to levels similar to those measured
in HI (Fig. 4b). Net S2tot oxidation rates above the
production layer were 26.0 and 1.5 lmol m-2 h-1 in
HI and HF respectively, and up to 139.1 lmol m-2
h-1 after 50 days in OX. Usually, the bottom
consumption layer tended to be wider than the
upper oxic layer and with lower volumetric H2S
oxidation rates (Figs. 3d–f, 4b). Hydrogen sulfide
was found significantly deeper when zox increased
(r = 0.89, a = 0.05) and generally a small overlap
existed between the final part of O2 profiles and the
beginning of H2S or S
2
tot profiles (Figs. 2, 3).
Sulfate concentration in the pore water decreased
exponentially with depth, reaching levels below
detection limit at 5 cm depth. Sulfate increased
reversibly from 0.4 to 2.1 mmol L-1 in the pore water
of the first cm of sediment and from 1.2 to
1.6 mmol L-1 in the water phase during OX, decreas-
ing both in the sediment and the water column in HF
(Figs. 1b, 5a). Biogeochemical modelling of SO4
2-
profiles confirmed the net uptake of SO4
2- by
sediment (44 lmol SO4
2- m-2 h-1) in HI, while in
OX, due to the strong and reversible increase of net
SO4
2- production, the sediment became a net source
of SO4
2- for the water column (70 lmol SO4
2-
m-2 h-1) (Fig. 6a). The change to HF reversed the
direction of the net flux and almost 95% of the SO4
2-
net consumption within the sediment was supported by
SO4
2- uptake from the water column (Fig. 6a).
Total S content varied only in upper 2 cm between
the three experimental stages, whereas deeper sedi-
ment layers remained basically unaffected (result not
shown, see Torres et al. 2014). Thus, mean concen-
trations of S at the end of every stage were calculated
for the upper 2 cm layer only (Table 2). Total S
decreased significantly (2 mg cm-3) after 50 days in
OX, while no change was observed after 10 days in
HF (Table 2).
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pH and proton flux
The pH measured in the bulk water phase in HI was 4.6
(Figs. 1, 2), similar to that measured in situ close to the
sediment surface when cores were collected (data not
shown). The pH in the sediment increased with depth,
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Fig. 2 Mean O2 (a), H2S
(b), pH (c) and H?
(d) microprofiles at the
sediment–water interface at
different times during the
three experimental stages:
initial hypoxic (HI), oxic
(OX) and final hypoxic (HF)
conditions. Every plotted
profile is a mean of 3–9
profiles. Notice the different
depth scales in A compared
with B, C, and D panels
cFig. 3 Representative profiles of O2 (a–c), S
2
tot (d–f) and H
?
(g–i) concentrations in the initial hypoxic conditions (first
column), after 10 days in oxic conditions (middle column) and
after 50 days in oxic conditions (last column). Dots are
experimental data. Black solid lines are the modeled profile
(model). Vertical grey lines indicate net production/consump-
tion rates (bottom axis) calculated for different sediment layers
by the model
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pH near the sediment–water interface decreased
respect to HI and the depth at which the maximum
pH was observed increased during OX. Bulk water
column pH decreased to 3.7 in the first 10 days in OX.
Proton concentration profiles were calculated from
pH profiles to determine the changes in H? fluxes at
the sediment–water interface during the oxic-hypoxic
transitions (Figs. 2d, 3). Consumption of H? was
restricted to a very narrow upper layer coincident with
zox in HI (Fig. 3g). After the transition to OX, the H
?
consumption profile changed reversibly to production
profile and a clear net H? production layer developed
in the upper oxic sediment layer. Below the net H?
production layer, a strong net consumption of H? was
observed in OX (Fig. 3f). Maximum increase in
integrated H? production occurred in the first 20 days
in OX, but since H? consumption increased similarly
as well, the net H? efflux from the sediment to the
water column (138.35 ± 28.03 lmol H? m-2 h-1)
was important only from day 20 in OX (Fig. 4c).
Organic carbon and nitrogen
Dissolved organic carbon (DOC) and dissolved
organic nitrogen (DON) increased initially from 300
to 375 lmol DOC L-1 and from 39 to
51 lmol DON L-1 lmol L-1 in OX, decreasing
slowly until the end of this stage (Fig. 1f). The
transition from OX to HF induced the immediate
release of DOC and DON from the sediment as well.
Differences in the Corg and N content of the sediment
were observed only in the upper 2 cm of the sediment
column (Table 2). Mean Corg decreased only
1 mg cm-3 after 50 days in OX, however, this
difference was not statistically significant. However,
Corg decreased 4 mg cm
-3 after 10 days in HF, being
the decrease in the sediment coincident with an
increase in DOC (60 lmol L-1) in the water column
(Fig. 1f). Sediment N content followed generally the
same pattern as Corg during the experiment, whereas
the C:N ratio did not change significantly during redox
transitions (Table 2).
The dominant form of inorganic N in the water
phase was NH4
? (more than 80%) during the entire
experiment. Concentrations of NH4
? increased in OX,
showing a peak after 6 days that coincided with a peak
in DOC (Fig. 1e). Thereafter, concentrations
increased steadily up to a maximum of 175 lmol L-1
at the end of OX, followed by a sharp decrease after
the change to HF. NO2
- and NO3
- were almost
undetectable during OX, but the sediment released
small amounts of NO2
- (result not shown) and
relatively larger amounts of NO3
- after the change
to HF. Phosphate and total dissolved P remained
always below detection limits.
Iron, aluminium and acidity
Iron concentration in the pore water and water column
were similar in HI but changed considerably in OX. Fe
content in the water column initially increased slightly
but became undetectable after 10 days in OX
(Fig. 1b), while Fe increased in the pore water, from
0.13 to 0.77 mmol Fe L-1 at the sediment surface after
50 days in OX (Fig. 5b). Both Fe production rate in
the pore water (245 lmol Fe m-2 h-1) and net flux
towards the water column increased in OX compared
to HI (Fig. 6b). The Fe released to the oxic water
column immediately precipitated as schwertmannite
in OX (result not shown, see Torres et al. 2014). Fe
content in the pore water decreased immediately in HF
due to the decrease in Fe net production (50%),
whereas at the same time a strong increase of Fe in the
water column was observed, despite of a lower efflux
rate, most likely because the released Fe remained in
solution in the hypoxic water column.
Aluminium concentration in the water column was
also notably affected by O2, increasing in OX and
decreasing in HF (Fig. 1d). Acidity in the water
column followed a trend similar to Al, after an initial
transient decrease, increased strongly
(0.75 meq m-2 h-1) up to 1.05 meq L-1 at day 30
and remained constant the last 20 days of OX
(Fig. 1d). Acidity within the sediment was similar to
that of water column and increased considerably in the
upper 5 cm layer in OX (1.64 meq L-1), being higher
than the water column (Fig. 5c). The reestablishment
of hypoxic conditions did not change significantly the
acidity in the water column, while Al decreased
clearly. On the contrary, acidity in the sediment
reversed back to initial conditions with the exception
of the surface layer.
The contribution of Al, Fe, H? and other elements
to acidity in the water column and sediment changed
in different ways during redox transitions. In the water
column, Al, Fe and H? contributions to acidity,
estimated from Eq. (1), were 44, 36 and 1.5%
respectively in HI. However, since Fe disappeared
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from the water column in OX, the increase in acidity in
this stage was mainly a consequence of the increase in
Al, increasing its contribution to acidity as well
(68.9%), the rest being attributed to increases in H?
(about 6%) and Zn, Co, Ni, and Cu in the water column
(results not shown, see Torres et al. 2014). In contrast
to water column, Fe was always the main contributor
(65–98%) to pore water acidity, with the contributions
of Al and pH being minimal under hypoxic and oxic
conditions. The flux of acidity indicated a net sediment
consumption (0.08 meq m-2 h-1) in HI that changed
to production of acidity within the upper sediment
layers in OX, being partially exported to the water
column (0.52 meq m-2 h-1) after 50 days in OX.
These changes reversed in HF (Fig. 6c).
Discussion
Oxygen uptake at the sediment–water interface
Benthic oxygen flux has been shown to depend on
several factors including organic carbon content,
upward flux of reduced inorganic species, O2 concen-
tration, temperature, water turbulence and bioirriga-
tion (Rabouille and Gaillard 1991; Cai and Reimers
1995; Lorke et al. 2003; Glud 2008). In our experi-
mental conditions, temperature and water turbulence
can be considered constant whereas bioirrigation does
not exist since sediment cores were collected in anoxic
conditions. Therefore, only diffusive fluxes will be
considered.
Diffusive oxygen uptake (DOU) rates at the sedi-
ment water interface were in the range or slightly
higher than those available in the literature for acid
lakes (Kühl et al. 1998; Koschorreck et al. 2003;
Lagauzère et al. 2011) and neutral lakes (Sweerts et al.
1991; Maerki et al. 2009; Matzinger et al. 2010;
Schwefel et al. 2017). The instantaneous increase in
O2 concentration in the HI-OX transition probably
induced an increase in the oxidation rates of organic
matter and reduced compounds like Fe2?, S2tot (mainly
as H2S), and metallic sulfides, among others (Table 1).
However, DOU decreased during OX likely due to a
concurrent decrease of labile organic matter and
reduced inorganic compounds. In addition, the relative
bFig. 4 Temporal evolution of diffusive O2 uptake rate (a), net
rates of S2tot production and oxidation within the sediment (b),
and net H? production and consumption within the sediment and
net H? flux across the sediment–water interface (b). Values
were estimated from modelled profiles as shown in Fig. 3.
Negative and positive values indicate net consumption and net
production, respectively. Data are means ± standard errors of 6
different profiles (2 profiles 9 3 cores). Areas shaded in grey
indicated initial and final hypoxic conditions periods
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contribution of these compounds to DOU likely
changed during the experiment.
The changes in the partition of the DOU between
different process (organic matter mineralization, sul-
fide and Fe2? oxidation) during the redox transitions
was estimated through several complementary
approaches (Supplementary Tables S1, S2). The
fraction of DOU due to the oxidation of S2tot (DOUS)
can be estimated from the S2tot oxidation rates
calculated from the modeling of S2tot profiles in the
oxic layer (up oxidation, Fig. 4) and the stoichiometry
of reaction 6 (Table 1). DOUS consumed 0.054 mmol
O2 m
-2 h-1 in HI, increasing to 0.281 mmol O2
m-2 h-1 after 50 days in OX. These calculations
indicate that in HI about 26% of DOU was due to the
oxidation of S2tot , while in OX the contribution of
DOUS to DOU changed from a minimal contribution
during the first 10 days (4%) to 46% after 50 days
(Table S2). Similar seasonal variability in H2S oxida-
tion rates has been found in field studies (Sweerts et al.
1991; Urban et al. 1994). Our calculations assume that
S2tot is oxidized in the upper oxidation layer only by
O2. However, S
2
tot can be oxidized by FeOOH(s) as
well, so the estimation of O2 consumption by S
2
tot
oxidation represents maximal values. In addition,
oxidation of S2tot to S might decouple the temporal
changes of S2tot and O2. However, this process was
unlikely in the Sancho sediments because we detected
a clear decrease of total S during OX (Table 2).
The fraction of DOU consumed in the mineraliza-
tion of OM (DOUCorg) was calculated in several ways.
Three out of the four approaches used here (Supple-
mentary Table S1) to calculate DOUCorg, i.e. a
mechanistic model based on the Monod equation
(Supplementary material, Eq. (1); Rabouille and Gail-
lard 1991; Canavan et al. 2006), an empirical equation
(Cai and Reimers 1995) and the difference in Corg
during OX, gave very similar estimates. DOUCorg was
0.08–0.12 and mmol O2 m
-2 h-1 in HI and increased
to 0.40–0.63 mmol O2 m
-2 h-1 in OX (Supplemen-
tary Table S1). In the contrast, the calculation of the
OM mineralization based on the NH4
? release rate to
the water column during OX produced DOUCorg
values 2–3 times higher than those calculated with
the other approaches. This approach likely overesti-
mated DOUCorg since part of the NH4
? released to the
water column might originate from the exchangeable
NH4
? fraction, which is known to be large in lake
sediments and is released in OX (Mackin and Aller
1984; Morse and Morin, 2005). In summary, the
estimated DOUCorg in HI was about 49% of the total
DOU measured with O2 microsensors. Of the remain-
ing DOU, 26% was attributed to S2tot oxidation and the
rest 25% to the oxidation of free Fe2? and metallic
sulfides (Table S2).
Consumption of O2 by the oxidation of Fe and other
metallic sulfides (DOUMS) can be estimated as:
DOUMS = DOU - (DOUS ? DOUCorg). The transi-
tion to OX increased DOUCorg in absolute terms, but
Fig. 5 Vertical pore water profiles of sulfate, Fe and acidity at the end of each experimental stages: initial hypoxic (HI), oxic (OX) and
final hypoxic (HF) conditions. Every plotted profile is a mean ± SE of 3 cores
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this rate was only 20–26% of the measured transient
increase in total DOU during the first 10 days in OX.
These calculations indicated that the DOUMS repre-
sented 68–79% of total O2 uptake during the first
10 days of OX. However, after 50 days in OX no
oxygen consumption could be attributed to metallic
sulfides oxidation; the sum of aerobic oxidation of
organic matter plus S2tot oxidation was similar to the
total O2 consumption rate measured by O2
microsensors. Therefore, these estimates suggest that
oxidation of FeS, FeS2 and other metal sulfides by O2
(Table 1, R10) was very important at the beginning of
OX. Its importance decreases or even disappears
completely after a prolonged oxic period, once these
compounds are exhausted in the oxic layer. The
biogeochemical analysis of spatiotemporal changes
presented here represent an important improvement of
aerobic mineralization of organic matter contribution
estimates with respect to previous ones (Torres et al.
2014) and emphasize the importance of C and N
cycling at the sediment–water interface in AMD
contaminated reservoirs.
Sulfur cycling at the sediment–water interface
Net S2tot production occurred mainly in a narrow layer
(200–500 lm) located immediately below zox in both
oxic and hypoxic conditions (Figs. 2b, 3d–f). Sulfide
concentrations within the sediments were similar or
lower than those measured in other acidic ecosystems
of different types (Kühl et al. 1998; Koschorreck et al.
2003; 2007a; Wendt-Potthoff et al. 2012). Net SO4
2-
reduction rates, calculated either by modelling the
pore water profiles of SO4
2- or S2tot were similar,
about 60 and 220 lmol SO4
2- m-2 h-1 in HI and OX,
respectively (Fig. 6a). These net SO4
2- reduction
rates in the sediment of the Sancho reservoir were in
the lower part of the wide range of values available for
acid lakes (Holmer and Storkholm 2001; Koschorreck
2008; Wendt-Potthoff et al. 2012).
Counterintuitively, net SO4
2- reduction rates were
higher during OX than HI or HF (Figs. 4b, 5), due to
higher SO4
2- availability as consequence of an
Table 2 Total sulfur (S), organic carbon (Corg), and total
nitrogen (N) content (mg cm-3), and Corg:N ratio (mol:mol) in
the upper 2-cm layer of sediment, in the initial hypoxic stage of
the experiment (HI), after 50 days in oxic conditions (OX) and
after 10 days in hypoxic conditions (HF)
S Corg N C:N
HI 5.7 ± 0.3a 14.4 ± 0.7a 1.7 ± 0.1a 10.9 ± 0.3a
OX 3.6 ± 0.6b 13.2 ± 1.2a 1.5 ± 0.2a 11.1 ± 0.5a
HF 3.5 ± 0.4b 9.2 ± 1.0b 1.0 ± 0.1b 11.0 ± 0.9a
Data are presented as mean ± standard error (n = 3).
Superscript letters indicate homogeneous groups tested by
pairwise comparison within factor Stage (p = 0.05)
Fig. 6 Depth integrated SO4
2- (a), Fe (b), and acidity
(c) production, consumption and net rates in the sediment at
the end of each experimental stage: initial hypoxic conditions
(HI), 50 days of oxic conditions (OX) and 10 days of hypoxic
conditions (HF). Values were estimated from modelled profiles
as shown in Fig. 3
123
Biogeochemistry (2018) 139:241–260 253
increase of oxidation of S-reduced compounds, such
as S2tot , FexS, other metal sulfides, and possibly
organic S, in the presence of higher O2 concentration
and a deeper zox (Kling et al. 1991). In addition to an
increase of sulfate reduction, the higher net production
of SO4
2- in the sediment resulted in a net transfer of S
to the water column in the form of regenerated SO4
2-
(Table 2, Fig. 1b) (Kling et al. 1991; Holmer and
Storkholm 2001; Küsel 2003). Part of this SO4
2- flux
to the water column (about 30%) might be due to the
dissolution of hydrobasaluminite as well (Table 1,
R13; Sánchez-España et al. 2011). However, once
released to the water column, only about 28% of the
SO4
2- remained in the water column during OX
according to calculations based on total S and SO4
2-
budgets in the sediment and the water column,
respectively. The rest precipitated most likely mainly
as schwertmannite (Table 2; R 11), a phenomenon that
was most intensely observed in the first 10 days in OX;
when schwertmannite covered all solid surfaces within
the mesocosm (e.g. tank walls, tank bottom, cores)
(Torres et al. 2014).
Net SO4
2- production rates calculated from the S2tot
oxidation or consumption rates in the oxic and the
anoxic part of the sediment increased along OX
(Fig. 4b). Oxic S2tot oxidation (R6, Table 1) occurred
in a narrow layer above the SO4
2- reduction zone (up
oxidation) where O2 and H2S profiles generally
overlapped as previously found in other systems
(Jørgensen and Revsbech 1983). Turnover times in
the SO4
2- reducing layer and the oxic and anoxic S2tot
oxidation layers, assuming constant average concen-
trations and rates, were about 10, 17, and 86 days,
respectively. These values are higher than those
reported for biofilms and microbial mats (seconds to
hours, Kühl et al. 1992; Dillon et al. 2007), but lower
than those for acid lakes (80 days, Koschorreck et al.
2003) or the Black Sea anoxic sediments (about
5 years, Jørgensen et al. 2001).
In the absence of O2, S
2
tot can (1) be oxidized
anaerobically by manganese and iron oxides, either
abiotically or biotically by bacteria (Jørgensen and
Bak 1991; Jost et al. 2010) (2) precipitate with Fe2?
and other divalent metals to form different metal
sulfides (R9 and R10) or (3) be adsorbed to organic
matter (Table 1; R11). In the sediment of the Sancho
Reservoir, anaerobic consumption of S2tot occurs
mainly by oxidation with FeOOH (Table 1; R7), as
Mn concentration in the pore water and solid phase
were very low (Torres et al. 2014). Precipitation of Fe
and other metal sulfides during OX in the anoxic
sediment layer was most likely of little important since
we observed a decrease in total S within the sediment.
In addition to oxic S2tot oxidation, anaerobic S
2
tot
oxidation by R8 probably increased as a consequence
of the higher FeOOH(s) availability in OX due to the
oxidation of Fe2? by O2 in the water column and
sediment (Table 1; R6). Our results clearly show that
seasonal redox fluctuations driven by higher avail-
ability of O2 affect the permanent burial of S and
metals in the sediment (Küsel 2003; Blodau 2006;
Wendt-Potthoff et al. 2012), likely reducing the
efficiency of natural attenuation or bioremediation
treatments.
Protons, iron cycling and acidity exchange
at the sediment–water interface
The pH profiles at the sediment–water interface in the
Sancho Reservoir were similar to those found in other
acid lakes (Koschorreck et al. 2007a, b; Geller et al.
2009). Sediment pH was always higher than in the
water column, being the maximum pH gradient, this is
the maximum net H? consumption layer, at or below
the zox (Figs. 2a, c, 3g, h). In the pH range measured in
the Sancho sediment, H? consumption rates by iron
reduction coupled to either organic matter or H2S
oxidation (Table 1; R4 and R7, respectively) were the
main consuming processes, probably an order of
magnitude higher than sulfate reduction and denitri-
fication (Table 1; R2 and R3) (Jourabchi et al. 2005;
Soetaert et al. 2007). The switch to OX changed the
H? consumption profile to a production profile, where
H? production occurred at sediment surface and
extended downward during OX (Figs. 2d, 3g–i). This
was apparently due to the increase of zox and
consequently of aerobic oxidation of H2S and Fe
2?
followed by the precipitation of Fe(III) oxyhydroxides
(Table 1; R5, R6 and R12).
Part of the H? produced within the sediment during
OX was exported to the water column, changing the
role of the sediment from net sink during HI to net
source, thus contributing to the observed acidification
of the water column (Fig. 1). Two clear successive
phases were observed in OX. During the first phase,
the increase of H? in the water column was 5.5 times
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higher than the release from the sediment up to day 10
(Table 3). The main contributor to this increase was
probably the precipitation of schwertmannite
(Table 1; R12) (Torres et al. 2014). During the second
phase (days 20–50), the release of H? from the
sediment was neutralized (Table 3), likely due to the
dissolution of Al hydroxides and hydroxysulfates
(Table 1; R13) at the sediment surface (Totsche
et al. 2003; Sánchez-España et al. 2011).
The efflux of acidity during OX was in the range of
those measured in other acid lakes (Peine et al. 2000)
and likely occurred via an efflux of Fe2? from the
sediment to the water column. Reduced iron in water
column was immediately oxidized by O2 over the
sediment surface (Table 1; R6), where Fe3? precipi-
tated mainly as schwertmannite releasing H?
(Table 1; R12) (Peine et al. 2000; Küsel 2003; Meier
et al. 2004). The drop in pH increased the solubility of
Al hydroxides, with Al being released to the water
column. This, on the one hand, contributed to an
increase of acidity and, on the other, to buffer further
decreases of pH (Totsche et al. 2003; Sánchez-España
et al. 2011). Another very important consequence of
the interaction between Fe and Al cycling at the
sediment surface is the transfer of e- acceptors in the
form of Fe(III) minerals from the oxic water column to
the sediment, where Fe(III) minerals can support high
rates of anoxic oxidation of reduced sulfide minerals
and organic matter (Peine et al. 2000; Wendt-Potthoff
and Koschorreck 2002; Meier et al. 2004). This
mechanism is a drawback for bioremediation of acid
pit lakes based on carbon-driven alkalinity generation
treatments (Geller et al. 2009; Nixdorf et al. 2010) and
should be taken into account in all types of bioreme-
diation strategies in acid mine drainage impacted
systems. The dynamics of H?, acidity, and the solid
and soluble phases of Fe and Al compounds at the
sediment–water interface were therefore strongly
interconnected and were highly dependent on O2
availability.
Carbon and nitrogen cycling during redox
transitions in acidic environments
Despite the special characteristics of the AMD
impacted Sancho Reservoir, the Corg and N contents
and C:N ratio in the upper sediment layer were within
the wide range observed in lakes (Kemp et al. 1977;
Meyers and Ishiwatari 1993). Temporal changes in the
Corg and N content of the sediment during the redox
transition were only restricted to upper 2 cm. In this
reactive layer, given an average net sedimentation rate
of 1.6 cm year-1 for this system (Cánovas et al. 2016),
OM presumably deposited during the last 1.25 years at
most. Redox transitions exerted a strong effect on the
exchange of DOC and DON across the sediment–
water interface. During HI-OX transition, we observed
a transient efflux of DOC and DON from the sediment
(0.88 mM DOC m-2 h-1 and 0.08 mM DON m-2
h-1). Most likely, the higher O2 availability stimulated
aerobic microbial OM degradation within the sedi-
ment (Freeman et al. 2001; Arndt et al. 2013), and
soluble compounds diffused to the water column. The
high efflux of NH4
? to the water column during OX
(see below) supports an increase of OM degradation.
In addition, the pH and redox changes in OX could
have affected the adsorption–desorption balance of
OM to sediment particles releasing OM adsorbed
during the previous anoxic conditions (Sinninghe
Damste and De Leeuw 1990; Zonneveld et al. 2010).
The decrease of DOC and DON during the second half
of OX was probably due to (1) their co-precipitation
with mineral phases of Fe(III), mostly Fe(III) oxyhy-
droxysulfates like schwertmannite or jarosite (Küsel
2003; Meier et al. 2004), and (2) to the formation of
macromolecular iron-organic carbon complexes,
which has been shown to increase the transfer of
OM to the sediment and protects it from degradation
(Eglinton 2012; Lalonde et al. 2012; Barber et al.
2017). The overall result was the partial return of the
DOC and DON released to the water column back to
the sediment, which explains the minimal difference
observed in Corg between HI and OX (Table 2).
Interestingly, we observed larger and statistically
significant differences in Corg and N sediment contents
after 10 days in HF. The decrease of 5.3 mg Corg
cm-3 in HF was likely due to its release again to the
water phase as DOC (0.42 mM DOC m-2 h-1) due to
re-dissolution of ferric hydroxides and a subsequent
desorption of bound organic compounds (Gu et al.
1995; Skoog et al. 2009; Riedel et al. 2013). The
DOC:Fe stoichiometric ratio of the released DOC and
Fe after dissolution of Fe hydroxides–Corg complex
was about 0.46 probably due to the relatively long
exposure to oxygen during the OX (Lalonde et al.
2012; Barber et al. 2017). Similarly, nitrogen in the
sediment decreased significantly, suggesting the
release of DON to the water phase (0.11 mM
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DON m-2 h-1) also due to the dissolution of ferric
hydroxides.
Both DOC and DON were released right after each
redox transition; however, the DOC:DON ratio was
very different in each case. The DOC:DON ratio
(10.8) was similar to that of sediment OM at the
beginning of OX, but this ratio was considerably lower
(3.7) after the transition to HF, suggesting that
dissolved OM released in HF was considerably
enriched in N. This observation deserves further study
and it might be due to a higher co-precipitation of
DON and NH4
? with Fe(III) hydroxides compared to
DOC during OX.
Inorganic nitrogen was relatively high in our
system. Probably, P low concentration due to sorption
to ferric hydroxides as in other acid lakes (Beulker
et al. 2003; Moser and Weisse 2011) lead to a low N
demand overall. The most abundant species of inor-
ganic nitrogen in our experiment was NH4
?, probably
due to the inhibition of nitrification in acid lakes
(Jeschke et al. 2013). The transition to oxic conditions
almost doubled sediment ammonification rates within
the first 6 days, resulting in the release of NH4
? to the
water column (0.5 mmol NH4
? m-2 h-1). This
increase in NH4
? coincided with that of DOC.
However, contrary to DOC and DON, NH4
? kept
increasing during OX (0.1 mmol NH4
? m-2 h-1).
This NH4
? release rate is in the range of those found in
neutral fresh water environments, including eutrophic
and hypereutrophic lakes (Burger et al. 2007;
Kuwabara et al. 2009). In our experimental conditions,
the release of NH4
? in OX might be due to an increase
in the mineralization of Corg (Supplementary material,
Table S1) and its release from the exchangeable NH4
?
fraction of the sediment (Mackin and Aller 1984;
Morse and Morin 2005).
The sudden decrease in NH4
? and the parallel
release of NO2
- (result not shown) and NO3
- from the
sediment in HF was a rather unexpected result




- coupled to Fe(III) reduction
(Feammox), has been suggested in different iron
reducing environments (Clément et al. 2005; Yang
et al. 2012; Huang and Jaffé 2015). This process is
thermodynamically favorable at the low pH (B 4,
Thamdrup 2012) found in AMD contaminated sys-
tems, and could be the responsible for the production
and release of NO2
- and NO3
- from the sediment in
HF. Since nitrification is inhibited in acid lakes,
Feammox might play a very important role in cycling
of inorganic N in acids lakes. Further research, beyond
the scope of this work, is needed to demonstrate the
role of Feammox in the cycling of N and Fe in acidic
environments such as the Sancho Reservoir.
Conclusions
The results presented here highlight the close and
complex coupling between the C, N, O2, H
?, S, Fe and
Al cycles across the sediment–water interface during
redox transitions in acid aquatic environments. In oxic
conditions, the release of H?, SO4
2-, Fe2? and Al3? to
the water column represents a combined mechanism
of acidity and electrons transfer from the sediment to
the oxic water column mediated by (1) the efflux of H?
and dissolved Fe(II), with additional smaller contri-
butions of other metals, (2) the reoxidation of Fe(II) to
Fe(III) and the high stoichiometric H? production
associated with the precipitation of schwertmannite,
and (3) the H? consumption during the dissolution of
Al-hydroxides and hydroxysulfates at the sediment
surface, with Al being the main contributor to water
column acidity in OX. The precipitation of Fe(III) and
SO4
2- as schwertmannite also represents a mechanism
of reintroduction of regenerated e- acceptors to the
Table 3 Net H? flux rate at sediment–water interface aver-
aged over the duration of each period, expected net increase of
H? in the water column based on the H? net fluxes and
measured net H? increase (Measured D H?) in the water
column determined from the difference in pH values at the
beginning and the end of each period
Net H? flux rate (lmol m-2 h-1) Expected D H? (lmol L-1) Measured D H? (lmol L-1)
OX: 1–10 days 50.68 11.56 63.21
OX: 20–50 days 123.17 112.41 - 1.80
HF: 50–51 days - 444.22 - 10.13 - 3.5
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sediment, which allows further anaerobic oxidation of
organic and inorganic reduced compounds. Redox
transitions affect the exchange of dissolved C and N
between the water column and the sediment by (1)
controlling the degradation rate of OM, which depends
strongly on the availability electron acceptors, and (2)
affecting the physicochemical adsorption–desorption
of different organic compounds to sediment particles
and their co-precipitation with Fe(III) hydroxides due
to redox and pH changes. The unexpected release of
NO2
- and NO3
- in the oxic—hypoxic transition, in
parallel with the decrease in NH4
? in the water
column, might indicate the presence of Feammox in
the sediment of acid lakes for the first time and it might
represent an alternative way to nitrification to regen-
erate NO3
-. The prediction of the rates and final
outcome of natural attenuation processes and biore-
mediation treatments requires a better understanding
of the multiple biogeochemical effects of redox
transitions at the sediment–water interface.
Acknowledgements The research was funded by projects
P11-RNM-7199 from the Junta de Andalucı́a and CTM2013-
43857-R, CTM2017-82274-R, CGL2013-48460-CO2,
CTM2014-61221-JIN and CGL2016-78783-C2-2-R from the
Spanish I ? D ? I Program. J. L. Jiménez Arias was funded by
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